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Abstract
Wastewater treatment plants are necessary for the release of effluent into the
natural environment. The wastewater treatment plant functions as a bioreactor
cultivating a diverse microbial community for the removal of nutrients such as
carbon, nitrogen, and phosphorous from the effluent. The Tahuna treatment
plant was the focus of this study because there was simultaneous removal of
nitrogen and phosphorous, although the treatment plant was not designed for
both these processes. Biochemical parameters were taken, specifically; dissolved
oxygen, pH, oxidation-reduction potential, total suspended solids, total
phosphorous, dissolved reactive phosphorous, nitrogen levels, and temperature.
Through the use of Ion Torrent sequencing of the 16S rRNA gene, and analysis of
sequences using the RDP and MIDAS databases, this study was able to elucidate
the diversity of microbes within the Tahuna wastewater treatment plant. The
analysis of the biochemical parameters and sequencing results revealed the
presence and activity of functional groups of organisms important in wastewater.
These organisms were involved in ammonium oxidation, nitrite oxidation,
denitrification and phosphorous removal. Ammonium was metabolised by the
ammonium oxidising bacteria Nitrosomonas producing nitrite. The nitrite was
subsequently converted to nitrate by the nitrite oxidising bacteria Nitrospira.
Finally, Dechloromonas functioned as a denitrifying phosphorous accumulating
organism in the treatment plant. As a denitrifying phosphorous accumulating
organism, Dechloromonas was able to metabolise nitrate into dinitrogen gas as
well as accumulate phosphorous for removal. The community remained
relatively stable over the course of the study, with CAP and CAA plots as well as
ANCOM analysis revealing that the greatest driver of the microbial community
was temporal change.
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Chapter 1:
Literature review
Wastewater treatment plants (WWTP) are bioreactors which cultivate
microorganisms to reduce the nutrient load in wastewater before it is released
back into the environment. The efficiency of wastewater treatment plants is
reliant on the microorganism’s present, so microbial community structure and
dynamics are of utmost importance. The microorganisms in WWTP can be
arranged simply by taxonomy, but it is useful to place them into functional
groups (Figure 1) as this gives an insight into the processes occurring during
treatment.

Figure 1. The microbial community in a WWTP organised by functional groups (Nielsen
et al., 2010).

In wastewater treatment, carbon, nitrogen, and phosphorous removal are
necessary; without removal by microorganisms the release of these nutrients can
have detrimental environmental impacts such as eutrophication in lakes and
streams (Álvarez et al., 2017; Conley et al., 2009; Mainstone & Parr, 2002;
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Rodríguez-Gallego et al., 2017; Smith et al., 1999). A range of processes, such as
denitrification, nitrification, anaerobic ammonia oxidation, glycogen
accumulation, and phosphorous uptake occurs in WWTP. The presence of the
organisms required to undertake all the nutrient removal processes listed above
means WWTPs have an impressive and diverse microbial community.

Microbial diversity in wastewater communities
The diversity of microorganisms in WWTPs differs between systems due
to factors such as plant configuration, nutrient load, and the oxygenation system.
During plant operation both a transient and core microbiome exist, an
understanding of which can help elucidate what processes are occurring within
the system. The core microbiome is the members of a microbial community that
are commonly present in that environment, while the transient microbiome
consists of the microbial members present only during specific times or
conditions (Shade & Handelsman, 2012).
The most common form of the wastewater treatment process is the
activated sludge process, which in its most basic form consists of an aeration
tank and a settling tank. In this aeration influent is combined with a stable
microbial biomass, and aeration allows aerobic microorganisms to utilise
nutrients in the influent and form flocs which are then transferred to a settling
tank, so the flocculant can be removed (Haandel, 2015; Metcalf & Eddy, 2014). In
activated sludge, Proteobacteria is the dominant phylum (Chen et al., 2016; Fan
et al., 2017; Xu et al., 2018; Ye & Zhang, 2013; B. Zhang et al., 2017; Zhang et al.,
2018). Dechloromonas, Thauera, Nitrosomonas and Propionivibrio are present in
the core microbiome, these belong to the β-Proteobacteria (Fan et al., 2017;
McIlroy et al., 2016). The α-Proteobacteria present in conventional WWTPs
include Reyranella, which is a micro-aerophilic gram negative heterotrophic
bacillus (Fan et al., 2017; Inaba et al., 2018; Pagnier et al., 2011). Another
important member in WWTP is Arcobacter from ε-Proteobacteria (Faust et al.,
2015; Fernández et al., 2008; Ma et al., 2015), while a major microbe in the ƴProteobacteria is Pseudomonas (Lu et al., 2014).
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Other bacteria which also play a role include Actinobacteria, Firmicutes,
Bacteroidetes, Acidobacteria, Nitrospirae, and Planctomycetes (Chen et al., 2016;
Fan et al., 2017; Xu et al., 2018; Ye & Zhang, 2013; Zhang et al., 2017; Zhang et
al., 2018). Actinobacteria present in wastewater include filamentous bacteria
such as ‘Candidatus Microthrix’, while the Firmicutes include bacteria such as
Trichococcus and Enterococcus (Fan et al., 2017). Bacteriodetes in wastewater
treatment includes a range of microorganisms, such as Flexibacter and
Ferruginibacter. Another important dominant organism is Nitrospira from the
order Nitrospirae (Fan et al., 2017).
As the microbial life in WWTP determines what nutrients are removed
during treatment, knowledge of the microbial life within the WWTP community
can be beneficial for the running of WWTPs. The diversity and community
structure of the wastewater can be determined by a range of techniques.
Historically, these techniques involved the use of cultivation, while more recently
advanced techniques such as sequencing have been implemented (Kampfer et
al., 1996).
Cultivation techniques of nitrifying bacteria allow physiological, genetic,
and biochemical properties to be analysed in detail. However, cultivation is
biased to the bacteria that can be grown on the media used and cultivation of
pure strains of many bacteria is difficult. Early cultivation studies indicated that it
was Nitrobacter which was the dominant nitrifier in wastewater. Eventually,
molecular methods identified that it was Nitrosomonas that was dominant. More
recent studies using advanced cultivation techniques, including selective
enrichment used in conjunction with cell sorting, has allowed other Ammonia
Oxidising Bacteria (AOB) such as Nitrosospira to be grown in pure culture
(Fujitani et al., 2015; Ushiki et al., 2013).
Molecular techniques used to study AOB, such as Denaturing Gradient
Gel Electrophoresis (DGGE) , Fluorescent In Situ Hybridisation (FISH)(Araujo et
al., 2000), and sequencing usually involve the use of 16SrRNA sequences
(Eschenhagen et al., 2003), or DNA sequences relating to specific enzymes
involved in the oxidation of ammonium, specifically the enzyme ammonia
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monooxygenase (AmoA) (Purkhold et al., 2000). The use of these techniques has
shown that different AOB populations change abundance depending on the
environmental conditions (Purkhold et al., 2000). Therefore, cultivation methods
which rely on synthetic wastewater, as opposed to domestic wastewater, may
show the incorrect dominant AOB. The use of FISH allows for the visualisation of
defined microorganisms in a sample, this can also for the identification of
organisms potentially working in consortia.

Nitrogen removal
Nitrification and nitrifying organisms
The importance of bacteria in wastewater treatment is derived from their
ability to utilize nitrogen, phosphorous, and carbon. Conventional nitrogen
removal in WWTPs involves organisms undertaking denitrification and
nitrification. Nitrification is the biological process in which oxygen is used to
oxidise ammonium or nitrite to nitrate. Nitrification is usually a two-step process
involving two phylogenetically distinct groups of organisms, AOB and Nitrite
Oxidising Bacteria (NOB), which can interact as a consortia (Haandel, 2015; Lam
& Kuypers, 2011). In aerobic tanks, oxygen is supplied, via aeration and mixing,
which allows for both the degradation of organic material and the process of
nitrification to occur by aerobic microorganisms (Haandel, 2015; Lam & Kuypers,
2011).
The first step of nitrification begins with AOB. In the literature, these
bacteria are often identified using 16S rRNA and amoA genes (Head et al., 1993;
Purkhold et al., 2000; Purkhold et al., 2003). Known nitrifying bacteria in
wastewater include Nitrosomonas and Nitrosospira, which belong in the βProteobacteria, and Nitrosococcus, which belongs in the ƴ-Proteobacteria (Head
et al., 1993). Nitrosomonas are the main ammonium oxidising bacteria in
WWTPs, these organisms utilise the enzyme ammonia monooxygenase to oxidise
ammonia to hydroxylamine (NH3 + O2 → NH2OH)(Lam & Kuypers, 2011; Ma et al.,
2013). The AOB then use hydroxylamine oxidoreductase to oxidise the
hydroxylamine to nitrite (NH2OH + O2 → NO2- + H2O + 2H+). The second group of
4

organisms involved in nitrification are NOB. NOB in wastewater include the
Nitrospira, of the phylum Nitrospirae, and Nitrobacter (Fan et al., 2017; Xu et al.,
2018). NOB can oxidise nitrite to nitrate using oxygen and the enzyme nitrite
oxidoreductase (NO2- + 0.5O2 → NO3-)(Lam & Kuypers, 2011).
Studies examining the nitrifying communities in WWTP often observe
different nitrifiers dominating the sludge. Differences in the WWTP community
are most likely caused by a variety of factors such as Dissolved Oxygen (DO), pH,
sludge retention time, and temperature.
As nitrifying organisms are beneficial in WWTP for the removal of
ammonium, the operating conditions, and environmental parameters which
impact them, are also of importance. As nitrifiers need oxygen to oxidise
ammonium the aeration and consequent DO levels in the wastewater tank can
affect the growth rate and function of the AOB. The oxygen level, represented by
the DO, increases nitrification rates when above 3 mg/L. As AOB and NOB are
aerobic microorganisms, low oxygen impedes the growth of these organisms,
with concentrations below 2 mg/L resulting in inhibition (Metcalf & Eddy, 2014;
Noda et al., 2003; Park & Noguera, 2004). Heterotrophic bacteria can more
effectively utilize oxygen in a system, which means that excessive oxygen
concentrations can cause nitrifiers to be outcompeted (Metcalf & Eddy, 2014).
However, there is evidence that prolonged exposure to low DO (less than 0.5
mg/L), facilitated by a Sludge Retention Time (SRT) of 40 days, can result in a
change to a stable dominant nitrifier community able to undertake full
nitrification at low oxygen concentrations (Liu & Wang, 2013). Nitrification
occurring at different levels of DO can be attributed to shifts in Nitrosomonas
dominating the nitrifier communities, depending on their affinity for oxygen
(Park & Noguera, 2004).
pH is an important parameter for wastewater treatment, for although pH
varies greatly between WWTPs it also appears to be a major determining factor
for the community structure (Gao et al., 2016). Additionally, AOB are more
resistant to changes in pH than NOB. NOB are inhibited when an excess of
ammonium or free nitrous acid is added, due to change in the pH (Anthonisen et
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al., 1976). There are also other factors which can affect nitrification such as SRT,
with a low SRT reducing nitrification efficiency (Noda et al., 2003).
Denitrification and denitrifying organisms
Denitrification plays an important role in conventional wastewater
treatment, reducing the overall amount of nitrogen compounds in the effluent.
Specifically, denitrification is the reduction of nitrite or nitrate to nitrogen oxides,
which are then eventually converted to dinitrogen gas (Knowles, 1982). In both
natural and wastewater systems, denitrification is mainly undertaken by
bacteria. In wastewater, facultative anaerobic heterotrophic bacteria dominate
the denitrification community (Knowles, 1982). The importance of denitrification
in wastewater treatment is that during nitrification nitrate is produced which,
when released, can act as a strong greenhouse gas. Denitrification allows this
nitrite to be transformed into the less polluting dinitrogen gas.
The process of denitrification involves the uptake of nitrite or nitrate
which are then used as electron acceptors in the absence of oxygen to oxidise
carbon compounds, this process reduces nitrite/nitrate to dinitrogen gas (NO3− →
NO2− → NO → N2O → N2) (Figure 2) (Haandel, 2015; Knowles, 1996; Lam &
Kuypers, 2011).

Figure 2. The biochemical pathway of nitrification/denitrification (Wunderlin et al.,
2012).
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A series of nitrate reductases are required for the reduction of NO3− to
N2, these proteins are nitrate reductase (Nar), nitrite reductase (Nir), nitric
oxidoreductase (Nor), and nitrous oxide reductase (Nos) (Zumft, 1997). For
denitrification to function, there needs to be nitrification occurring, nitrification
provides the necessary nitrate for the facultative anaerobic bacteria (Haandel,
2015). As the bacteria involved in denitrification are heterotrophs they also
require an adequate supply of organic matter as an electron donor (Kampschreur
et al., 2009; Lam & Kuypers, 2011; Zumft, 1997). There is a diverse range of
bacteria which undertake denitrification in wastewater, but the majority of
denitrifying bacteria belong to the β-proteobacteria (Thomsen et al., 2007).
These β-proteobacteria denitrifiers include Azoarcus, Thauera, Curvibacter, and
Dechloromonas (Ginige et al., 2004; Thomsen et al., 2007). In the core
microbiome of wastewater treatment, the main denitrifying bacteria are
Dechloromonas and Thauera (Fan et al., 2017).

Factors which control the functioning of denitrifying bacteria in
wastewater are primarily the amount of nitrogen present, pH, temperature, the
carbon source, and DO. Nitrogen in the form of nitrite is a major factor which
limits the growth of nitrifiers, as it is used as an electron acceptor. Generally, the
internal recycle provides the nitrate which has been generated in an aerobic tank
by nitrification (Metcalf & Eddy, 2014). The carbon source for denitrification can
be supplied by the incoming influent or from dead cell mass. However, the
addition of external carbon compounds such as ethanol, methanol, and acetate
have been shown to increase denitrification rates (Lew et al., 2012; Peng et al.,
2007). The level of nitrite and nitrous oxide, the intermediates in denitrification
can also affect the efficiency of denitrification, with excessive levels inhibiting the
process. The effect of these intermediates is usually linked to pH, with treatment
out of the range of pH 7-9 experiencing intermediate build-up and inhibition.
Temperature also has a strong effect on denitrification with temperatures
outside of 20 - 30°C having an inhibitory effect (Lu et al., 2014).
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Carbon source has a strong impact on the denitrifiers community
structure. As microorganisms tend to specialise in the use of specific carbon
compounds, the use of single or multi-carbon compounds encourages or limits
the organisms present in the community. Methylotrophic denitrifiers such as
Methyloversatilis spp. and Hyphomicrobium spp. dominate the denitrifier
community when the external carbon is methanol (Baytshtok et al., 2009; Osaka
et al., 2006). When acetate is used as the carbon source the denitrifiers are
microbes closely related to the bacterial families Comamonadaceae, which
include Comamonas and Acidovorax, and Rhodocyclaceae, which include
Thauera and Dechloromonas (Ginige et al., 2005; Osaka et al., 2006). Ethanol was
shown to be more easily utilised by denitrifiers than other carbon compounds
and was dominated by Thauera and Dechloromonas (Christensson et al., 1994;
Peng et al., 2007; Sun et al., 2016).
The DO in wastewater treatment plants has a significant effect on the
efficiency of denitrification. The proteins associated with denitrification, Nar, Nir,
Nor, and Nos are suppressed by the addition of oxygen. Furthermore, as oxygen
can be used as a superior electron acceptor than nitrite, a high level of oxygen
can cause the denitrifying bacteria to be outcompeted by other, aerobic bacteria
(Lu et al., 2014).

Anammox
In unconventional nitrogen removal, the wastewater treatment systems
utilize anaerobic ammonium oxidation (Anammox) (Du et al., 2015). Anammox
bacteria are autotrophic lithotrophs which can oxidise ammonium in anaerobic
conditions by utilising nitrite or nitrate to produce dinitrogen gas (Cao et al.,
2016; Mulder et al., 1995). The presence of microorganisms capable of oxidising
ammonium to dinitrogen without oxygen was first hypothesised in 1977 (Broda,
1977), before the first Anammox bacteria was described in a bioreactor in the
Netherlands in 1995 (Mulder et al., 1995). A range of Anammox bacteria have
since been discovered and enriched from activated sludge, these include;
Candidatus Kuenenia (van der Star et al., 2008), Candidatus Brocadia (Oshiki et
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al., 2011), Candidatus Anammoxoglobus (Kartal et al., 2007), Candidatus
Scalindua (Awata et al., 2013) and Candidatus Jettenia (Ali et al., 2015).
Anammox bacteria are a monophyletic order of Brocadiales within the
Planctomycetes phylum (Strous et al., 2006; van Niftrik & Jetten, 2012).
Planctomycetes are a major phylum of the bacterial domain although 16S rRNA
has demonstrated that they are distinct from other members of eubacteria
(Strous et al., 2006; van Niftrik & Jetten, 2012). The Planctomycetes are also
unique in the eubacteria domain as they do not possess peptidoglycan on the
outside of their cell wall but do possess intracytoplasmic membranes which
produce cell compartmentation (Figure 3).

Figure 3. Cell organisation and unique compartmentation of "Candidatus Brocadia
Anammoxidans", and Gemmata (Fuerst, 2005).

The intracytoplasmic membranes play an important role in Anammox
bacteria, forming three organelles; the Anammoxosome, riboplasm, and the
paryphoplasm, each possessing their own bilayer of intracytoplasmic membranes
(Lindsay et al., 2001; van Niftrik et al., 2004). The Anammoxosome is a ribosomefree organelle unique to Anammox bacteria and is the location of Anammox
catabolism (Lindsay et al., 2001; van Niftrik et al., 2004). In the bacterial cell, the
Anammoxosome is surrounded by a single membrane, and the outside of that
single membrane is surrounded by the riboplasm. The riboplasm contains many
electron dense ribosome-like particles and the cell fibrillar nucleoid and is also
surrounded by an intracytoplasmic membrane which contains the paryphoplasm.
The paryphoplasm is a region in the cell where the cytoplasm does not contain
ribosome-like particles. The paryphoplasm is surrounded by two membranes, the
9

outer side bound by the cytoplasmic membrane and the inner by the
intracytoplasmic membrane (Lindsay et al., 2001).
The Anammoxosome allows for an important aspect of Anammox
bacteria, which is their ability to oxidise ammonia in anaerobic conditions. This
ability is unique in the Planctomycetes phylum with the majority of
Planctomycetes being aerobic chemoorganotrophs, while Anammox bacteria are
anaerobic lithoautotrophs (van Niftrik et al., 2004). The Anammox process
utilises the Anammoxosome, and the enzymatic machinery within, to oxidise
ammonium using nitrite or nitrate to produce dinitrogen gas (Figure 4).

Figure 4. The biochemical reactions which occur in the Anammoxosome to utilise
ammonium and produce dinitrogen gas (Kartal et al., 2011).

The mechanism for Anammox involves three redox reactions (Figure 4). It
begins with nitrite entering the Anammoxosome where it is reduced to nitric
oxide by nitrite reductase (NO2- + 2H+ + e- = NO + H2O). An N-N bond is then
formed when the nitric oxide is further reduced and simultaneously condensed
with incoming ammonium by hydrazine synthase, resulting in the generation of
hydrazine (NO + NH4+ + 2H+ + 3e- = N2H4 + H2O) (Kartal et al., 2011). Hydrazine is
a toxic compound and as such needs to be contained within the Anammoxosome
10

(Strous et al., 2006) so that it does not damage the cell. All known Anammox
bacteria contain hydrazine within the Anammoxosome using ladderane lipids
(Rattray et al., 2008) (Figure 5). These lipids are particularly dense and
impermeable, due to their unusual linearly concatenated cyclobutene moieties,
protecting the cell by restricting diffusion of hydrazine (Sinninghe Damsté et al.,
2002). Lastly, the hydrazine is oxidised to dinitrogen gas by hydrazine
dehydrogenase (NH4+ + NO2-= N2 + 2H2O) (Kartal et al., 2011). This Anammox
cycle generates a proton motive force enabling the bacteria to produce ATP
(Strous et al., 2006).

Figure 5. Structures of various ladderane lipids of “Candidatus Brocadia. (Jetten et al.,
2003).

Anammox bacteria have been of interest for wastewater treatment due
to their ability to function without the addition of extra carbon, their lower
sludge production and their low oxygen requirements, all of which could
significantly reduce the cost of treatment (Jetten et al., 2001). Anammox rates
have been shown to be optimal in WWTPs with high ammonium content and low
carbon input (Ganigué et al., 2009). However, Anammox bacteria have a range of
requirements and limitations for their use in treatment plants. One of the main
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limitations of Anammox bacteria is their slow generation time, which can be
around ten to eleven days in optimum conditions (Jetten et al., 2001; Schmidt et
al., 2003; Strous et al., 1998; van der Star et al., 2007). Other limitations include
their inhibition by substrates such as ammonium and nitrite, and inhibition due
to environmental conditions, including oxygen (Corbalá-Robles et al., 2016), pH
(Jaroszynski et al., 2011), temperature (Lotti et al., 2015), organic matter (Ni et
al., 2012), salts (Zhang et al., 2016), heavy metals, phosphate, and sulfide (van
der Star et al., 2008).
Factors controlling Anammox
Nitrite is the substrate used by Anammox bacteria in the catabolism of
ammonium, and a ratio of ammonium to nitrate at 1:1.32 is required for
Anammox to occur (Kartal et al., 2011; Strous et al., 1998). However, nitrite is a
toxic compound, which in sufficient quantities can inhibit a wide range of
organisms (Zhou et al., 2011). Previous studies have differed on the amount of
nitrite needed for inhibition of Anammox activity (Bettazzi et al., 2010; CarvajalArroyo et al., 2014; Cho et al., 2010; Dapena-Mora et al., 2007; Fernández et al.,
2012; Isaka et al., 2007; Jaroszynski et al., 2011; Jin et al., 2013; Kimura et al.,
2010; Lotti et al., 2012; Torà et al., 2010; Van Hulle et al., 2010; Zhou et al.,
2011). Strous originally demonstrated that nitrite would inhibit Anammox at 100
mg L-1 (Strous et al., 1999). However, further studies showed a wide range of
tolerance to nitrite, some studies showing inhibition occurring with
concentrations from 400 mg L-1 to as high as 700 mg L-1(Cho et al., 2010; Lotti et
al., 2012; Tang, Zheng, Hu, et al., 2010).
Studies of nitrite inhibition show that Anammox tolerance depends on a
variety of parameters, such as the type of Anammox bacteria, pH, plant
configuration, temperature, pH, and the presence of other substrates such as
ammonium (Cho et al., 2010). In the presence of ammonium the nitrite tolerance
of Anammox bacteria increases (Lotti et al., 2012). One study, by Carvajal-Arroys,
demonstrated an increase in tolerance from 53 mg L-1 to 384 mg L-1 in the
presence of ammonium (Carvajal-Arroyo et al., 2014). The effect of nitrite is also
altered by the morphology of the biomass, with homogenized biomass having a
12

significantly lower nitrite inhibition threshold than granular biomass (Cho et al.,
2010). Studies show that different treatment plants have different rates of
inhibition, but that 280 mg L-1 of influent nitrite or 100 mg L-1 of effluent nitrite
should be considered warning levels and precautions should be taken to lower
nitrite levels. Although there has been debate over whether it was free nitrous
acid or nitrite which was the main inhibitor (Zhang et al., 2016; Zhou et al.,
2011), further evidence has demonstrated nitrite to be the main inhibitor, with
free nitrous acid still effecting Anammox but to a lesser degree (Lotti et al., 2012;
Puyol et al., 2014).
Ammonium is a major substrate for Anammox bacteria and its
breakdown is of importance in wastewater treatment. Several studies have
shown that extremely high levels of ammonium can have detrimental effects on
the Anammox process but have differed on the level of ammonium tolerance
and the form of ammonium which has the greatest inhibitory effect. However,
the tolerance of Anammox bacteria to ammonium appears to be greater than
tolerance for nitrite, its other substrate (Dapena-Mora et al., 2007; Strous et al.,
1999).
As Anammox bacteria operate in anaerobic environments one obvious
inhibitor of Anammox is oxygen. In WWTPs this is measured as DO. The
correlation between oxygen and reversible/irreversible inhibition of Anammox
has been well studied and recognised (Egli et al., 2001; Strous et al., 1997). pH
and temperature are important parameters which control the rate of Anammox,
with statistical analysis showing that pH had greater importance for the
inhibition of Anammox (Daverey et al., 2015). The pH range recommended for
wastewater differs between studies, with the optimum pH ranging between 6.5
and 8.5, while the temperature is recommended to be between 30 to 40°C (Egli
et al., 2001; Strous et al., 1999; Van Hulle et al., 2010; Yin et al., 2016). The pH
appears to buffer the effect temperature has on Anammox bacteria, with lower
temperatures being tolerated with higher pH (Daverey et al., 2015). Another
aspect of importance is the tolerance for changes in pH, with studies showing
that Anammox functions significantly better in stable pH conditions (Jaroszynski
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et al., 2011). Anammox appears tolerant of lower temperatures, until around
15°C where the biomass becomes unstable. An increase in temperature causes
an irreversible failure of Anammox once it reaches 45°C (Dosta et al., 2008).
Anammox bacteria are autolithotrophs and do not require the addition of
organic matter as a substrate (Jetten et al., 2001). The addition of organic matter
can therefore adversely affect the growth of Anammox bacteria as they are
outcompeted by faster-growing organisms, such as heterotrophic denitrifiers
that utilize the organic matter (Ni et al., 2012; Tang, Zheng, Wang, et al., 2010).
Addition of greater than 300 mg Chemical Oxygen Demand (COD)/L would
inactivate the Anammox process (Chamchoi et al., 2008). However, in some
studies, Anammox bacteria were shown to be able to utilize organic matter such
as propionate, but large amounts would still affect the process negatively, while
alcohols such as methanol were shown to have a strong detrimental effect on
the system (Guven et al., 2005; Isaka et al., 2008). The ability of Anammox
bacteria to be able to utilize some organic matter means that they can be useful
in wastewater treatment where organic matter may be high (Kartal et al., 2008).

Phosphorous accumulating organisms
The biological removal of phosphorous is undertaken by microorganisms
for either direct microbial growth or for storage as polyphosphate, the organisms
doing the latter are referred to as Polyphosphate Accumulating Organisms
(PAOs) (Wagner et al., 2002). Treatment plants that are designed for the organic
removal of phosphorous rely on PAOs and refer to the process as luxury
phosphorous uptake or Enhanced Biological Phosphorous Removal (EBPR)
(Haandel, 2015; Wagner et al., 2002) (Figure 6). Polyphosphate is stored in the
biomass of PAOs to be used as an energy supply in the uptake of carbon sources
when the microbes are in anaerobic environments (Mino et al., 1998).
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Figure 6. Schematic drawing showing the configuration of a treatment plant designed
for luxury phosphorous uptake (Zuthi, Guo, Ngo, Nghiem, & Hai, 2013).

The main PAO identified in the wastewater phosphorous removal
treatment process is ‘Candidatus Accumulibacter phosphatis’ a coccoid-rod
shaped bacteria from the β-Proteobacteria (Hesselmann et al., 1999). The other
known PAOs include Tetrasphaera sp. from the family Intrasporangiaceae and
the genus Actinobacteria (Kong et al., 2005). Tetrasphaera forms short rods or
cocci in tetrads and differs from Accumulibacter as it does not form
polyhydroxyalkanoates and also uses different forms of carbon (Kong et al.,
2005). Tetrasphaera also does not appear to compete with Accumulibacter and
may be beneficial to Accumlibacter as they can ferment glucose, providing
acetate for Accumlibacter growth (Nielsen et al., 2010).
Factors controlling PAO communities
The inhibition of PAOs can come from a variety of sources, such as pH,
temperature, COD/P ratio, level of oxygenation, nitrite level, as well as
competition from other bacteria.
The main competitors of carbon sources for PAOs in WWTPs come from
Glycogen Accumulating Organisms (GAO), such as Candidatus Competibacter
phosphatis and bacteria related to Defluviicoccus vanus (Mielczarek et al., 2013).
GAO's are able to compete with PAOs more effectively at warmer temperatures
causing a decrease in phosphorous removal (Oehmen et al., 2007). The efficiency
of PAOs is affected when the temperature is above 30°C, possibly due to the
ability of GAOs to uptake more acetate at warmer temperatures than their PAO
counterparts (Lopez‐Vazquez et al., 2007; Oehmen et al., 2007). PAOs have also
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been shown to increase in numbers in wastewater when the pH is higher than
7.25 (Haandel, 2015).

Filamentous bacteria
Non-floc forming filamentous bacteria are often found during the
wastewater treatment process. Filamentous bacteria can have both beneficial
and detrimental roles in treatment depending on their abundance (Sezgin et al.,
1978). When filamentous bacteria are at low abundance, they can function as
scaffolding to help floc formation. However, an overabundance of filamentous
bacteria can result in bulking or foaming, which prevents flocculation and settling
of the wastewater biomass (Gnida et al., 2018). In the past, the identification of
these filaments was achieved by examining morphological features (Eikelboom,
1975; Li et al., 2008). However, there is evidence that morphological features do
not reliably distinguish the identity of the filamentous organisms, with one
morphotype often belonging in more than one genus. The use of techniques such
as FISH probes targeting 16rRNA has provided evidence of filamentous bacteria
in Proteobacteria, Bacteriodetes, Chloroflexi, Firmicutes, Actinobacteria,
Mycolata, Planctomycetes, and Tetrasphaera (Speirs et al., 2009).

Wastewater treatment plants
Wastewater treatment plants associated with conventional nitrogen removal
The first WWTPs removed nutrients by separating solids and liquids from
wastewaters in a primary treatment (Haandel, 2015). Since large amounts of
organic material remained after primary treatment a secondary treatment was
developed for the biological removal of organic matter (Bitton, 2010; Haandel,
2015). Further advancements led to the use of activated sludge, where aerated
sludge would be settled and returned to the start of the process before effluent
was discharged. There are a variety of WWTP configurations, although,
conventional activated sludge involves single or multiple aeration tanks
(Haandel, 2015; Metcalf & Eddy, 2014). The modern WWTP involves variations of
single or multiple aerated tanks using either complete-mixed activated sludge,
sequencing batch reactors, or the staged activated sludge process (Haandel,
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2015; Metcalf & Eddy, 2014). The complete-mixed reactor uses an aeration tank
where complete aeration takes place, enabling the oxygen and substrates in the
wastewater to homogenise via thorough mixing in the system. The defining
feature of sequencing batch reactors is the activation and deactivation of
aeration in five steps; fill, react, settle, discharge, and pause/idle (Haandel, 2015;
Metcalf & Eddy, 2014). The sequencing batch process can be altered to a
continuous flow system with the addition of tanks which undergo the alternating
steps (Haandel, 2015). The staged activated sludge process involves a series of
plug flow tanks, which are narrow tanks separated by baffle walls. The
separation of tanks allows different aeration conditions to occur in different
tanks (Haandel, 2015; Metcalf & Eddy, 2014).
Conventional biological wastewater treatment generally uses nitrification
and denitrification to remove nitrogen. Treatment plants with nitrogen removal
capabilities all require an aerobic and an anoxic zone. There are three major
configurations relating to nitrogen removal; pre-anoxic denitrification, postanoxic denitrification, and single reactor nitrification/denitrification processes
(Figure 7).

Figure 7. Examples of post-anoxic denitrification configurations- influent enters the
anoxic tank supplying the denitrifying bacteria with carbon after denitrification occurs
the wastewater is transferred to the aerobic tank where nitrification occurs. The internal
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recycling returns nitrate produced from the oxidation of ammonium in the aerobic tank,
to the anoxic tank. The Ludzack-Ettinger process in black is the base configuration. The
modified Ludzack-Ettinger process in red adds in the internal recycling. The modified
Ludzack-Ettinger process-membrane bioreactor in blue includes a membrane into the
final clarifier. Modified from (Metcalf & Eddy, 2014).

The pre-anoxic denitrification process includes plant types such as the
Ludzak-Ettinger, the modified Ludzak-Ettinger (MLE), the MLE-membrane
bioreactor (MBR), the step feed biological nitrogen removal system, the step fed
MBR, and the sequencing batch reactor (SBR). Apart from the SBR, all of these
have a sequential series of tanks beginning with an anoxic tank leading to an
aerobic tank and finishing in a secondary clarifier. Nitrification occurs in the
aerobic tank which produces nitrate, this nitrate is then returned to the
wastewater before it enters the anoxic zone. The addition of nitrate encourages
denitrification to occur in the anoxic tank where the nitrate is converted to
dinitrogen gas using carbon compounds from the incoming influent (Metcalf &
Eddy, 2014). As the nitrification process causes a decrease in pH, the pre-anoxic
denitrification process has the benefit of buffering the system with alkalinity
before the wastewater enters the aerobic tank (Metcalf & Eddy, 2014; Zhang &
Bishop, 1996).
The postanoxic denitrification system has various designs, ranging from
the two-reactor system, the two-sludge nitrification-denitrification, the fourstage bardenpho system, the four-stage bardenpho MBR, the dual sludge
system, and the MLE-packed bed postanoxic. Two-reactor postanoxic
denitrification systems are rarely used as it is more beneficial to use a pre-anoxic
system as the two-reactor postanoxic denitrification process leaves a remaining
amount of nitrite that needs to be removed chemical addition. The Bardenpho
systems essentially has an additional anoxic and aerobic step to a pre-anoxic
denitrification system as shown in Figure 8, this allows the system to remove
more than the 75% of nitrate remaining after the initial anoxic/aerobic step
(Metcalf & Eddy, 2014).
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Figure 8. Diagram showing the different forms of the Bardenpho treatment, the basic
sludge system in black, the 4-stage Bardenpho system in red and black, and the
Barendpho (MBR) in black, red, and blue. Modified from (Metcalf & Eddy, 2014).

WWTP relying on a single reactor for nitrification and denitrification rely
on either one of two systems, simultaneous nitrification/denitrification or cyclic
nitrification-denitrification. The simultaneous nitrification/denitrification system
utilises low DO and includes, low DO oxidation ditches, the Orbal process, and
the low DO MBR. In simultaneous nitrification/denitrification systems, the
bacteria on the outside of the flocs have oxygen available, but there is not
enough oxygen to permeate the floc, this leaves the internal bacteria to be in an
anoxic environment. The cyclic nitrification-denitrification system differs from
the simultaneous nitrification/denitrification system in that although it can
function in a single reactor the system functions by changing aeration either
temporally or spatially (Metcalf & Eddy, 2014). This system includes the
oxidation ditch and dNOX systems.
Wastewater treatment plants associated with Anammox
Three types of WWTPs have been designed to utilize Anammox; the two
reactor nitritation-Anammox process, a one reactor nitritation-Anammox
process, and the one reactor denitrification-Anammox process (van der Star et
al., 2007). In the two reactor nitritation-Anammox process, the first reactor
allows for some ammonium to be oxidised into nitrite before the wastewater
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moves into another anoxic tank (van der Star et al., 2007). The one-reactor
denitrification-Anammox process was the first system in which Anammox was
discovered and involves the use of one tank in which both nitritation, specifically
the oxidation of ammonium to nitrite, and Anammox occur (Mulder et al., 1995).
This configuration is called DEAMOX (Kalyuzhnyi et al., 2006), DENAMMOX, or
simply Anammox in the literature (Mulder et al., 1995; van der Star et al., 2007).
In the one reactor nitritation-Anammox process, the entire process can be
undertaken in one tank but requires strict control and changes of aeration
(Innerebner et al., 2007). The type of treatment plants that involve the one
reactor nitritation-Anammox process includes; CANON (Completely Autotrophic
Nitrogen-removal Over Nitrite) (Third et al., 2001), DEMON (Deammonification
system) (Innerebner et al., 2007), and OLAND (Oxygen-Limited Autotrophic
Nitrification Denitrification) (Philips et al., 2002; Pynaert et al., 2002).
The CANON process involves the use of one tank containing both aerobic
ammonia oxidisers and Anammox bacteria which form consortia of granular
biomass. The tank is kept under constant microaerophilic conditions which
allows the aerobic ammonia oxidisers to oxidise some of the ammonium to
nitrite. The Anammox bacteria are in a low oxygen environment, inside the
granular biomass, and so are able to use the nitrite to oxidise the remaining
ammonium to dinitrogen gas (Third et al., 2001).
The DEMON process is a one reactor plant design that has intermittent
periods of aeration controlled by monitoring time, DO levels, and the pH of the
system. The time parameter involves three cycles running over an eight-hour
period, these cycles; fill, settle, and decant, determine when aeration occurs. The
monitoring of DO levels allows for the inhibition of the second step of
nitrification which would reduce the amount of nitrite available to the Anammox
bacteria. During partial nitrification, the pH decreases causing an increase in
aeration, then during Anammox the pH increases which in turn decreases
aeration (Gonzalez-Martinez et al., 2015; Innerebner et al., 2007). The DEMON
process has also been attached to other wastewater treatment configurations as
a sidestream addition (Wett et al., 2015).
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The OLAND process was thought to be primarily driven by nitrifiers. The
hypothesis was that the nitrifiers possessed the ability to switch their
metabolism from nitrification to oxidation of ammonia by using nitrite when
oxygen was limited (Philips et al., 2002). Later, evidence showed that the OLAND
process was similar to other systems, and involved both aerobic AOB and
Anammox bacteria (Third et al., 2001). This process works by the partial
nitrification of ammonium in aerobic zones of the biofilm by AOB and conversion
of the remaining ammonium by Anammox bacteria (Courtens et al., 2014).
Wastewater treatment plants associated with Enhanced Biological Phosphorous
Removal (EBPR)
There are a variety of plant configurations designed for EBPR. WWTPs
undertaking EBPR requires contact between activated sludge and the incoming
influent in an anaerobic environment, usually accomplished by alternating
anaerobic and aerobic tanks (Metcalf & Eddy, 2014). There are three general
types of configurations that WWTP fall under when designed for EBPR;
Phoredox, high phosphorous/BOD removal with nitrification, and low
phosphorous/BOD removal with nitrification (Metcalf & Eddy, 2014). The
phoredox, which is sometimes referred to as the anaerobic/aerobic (A/O)
process, involves the use of two reactors. In the anaerobic tank at the beginning
of the A/O process which receives the influent and return sludge and an aerobic
reactor.
In the anaerobic tank the PAOs uptake available carbon to generate
polyhydroxyalkanoates (PHA), a form of volatile fatty acids (Kerrn-Jespersen &
Henze, 1993; Wagner et al., 2002). To form PHAs the PAOs need reducing power
and some energy, the reducing power is generated through the conversion of
glycogen to PHA, while the energy is gained from hydrolysis of stored
polyphosphate into orthophosphate (Hesselmann et al., 1999; Wagner et al.,
2002). In aerobic tanks, the PAOs oxidise the stored PHAs for energy while at the
same time restoring their reserves of phosphorous (Ghehi et al., 2014).
Consequently, the intracellular phosphates are then extracted once the sludge is
removed (Wagner et al., 2002). A wide range of configurations have been
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designed for phosphorous removal (Figure 9), these include; Phoredox, the
anaerobic-anoxic-aerobic (A2O) process which is a modified Ludzack-Ettinger
process altered to include an anaerobic contact zone, the University of Capetown
(UCT) process, the Virginia initiative plant (VIP) process, the Modified Bardenpho,
the Johannesburg (JHB) process, Westbank, and the Phostrip – sidestream
removal process (Metcalf & Eddy, 2014).

Figure 9. Layout of treatment processes involved in EBPR. Modified from (Metcalf &
Eddy, 2014).
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A range of parameters determines the microbial life which resides in an
activated sludge treatment process. By examining a treatment plant over an
extended amount of time with differing biochemical parameters the microbial
community structure and dynamics can be analysed.

Study aims
•

How is a four-stage Bardenpho treatment plant capable of nitrogen and
phosphorous removal without additional treatments?

•

How does the diversity and dynamics in the microbial community affect
the removal of nutrients from a wastewater treatment plant?

•

How do temporal and biochemical changes affect a microbial
community in a wastewater treatment plant?
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Chapter 2:
Methodology
Sampling
The wastewater treatment plant in this study was designed as a fourstage process (Figure 10 & Figure 11). The plant receives soda ash if the pH
lowers too much, additional carbon input in the form of acetic acid, and
occasionally alum if the level of phosphorous in the final effluent is deemed too
high (Figure 12). The WWTP was designed with two points for acetate dosing,
these were in the anoxic tanks where denitrification was planned to occur.
However, acetate dosing only occurred in the first anoxic tank during this study.
The aerobic tank in the WWTP had similar DO content to the anoxic tanks. During
the year the WWTP was successful in removing carbon, ammonium, and
phosphorous. Biochemical data and sequencing results were analysed to
determine how the microbial community changed over a year, and what
functional groups were the reason for the successful operation of the plant. Five
samples were collected from the Tahuna wastewater treatment plant from each
of the four tanks and one sample from the influent approximately once a month
from October 2017 to October 2018.

Figure 10. Diagrammatic layout of Tahuna wastewater treatment plant

The treatment plant differs from most bardenpho plants as it has an
additional septic tank at the beginning of the process. During the sampling
biochemical parameters were taken, specifically; DO, pH, oxidation-reduction
potential (ORP), total suspended solids (TSS), total phosphorous (TP), dissolved
reactive phosphorous (DRP), nitrogen levels (ammonium, nitrogen dioxide, and
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nitrate), and temperature (Figure 13). Grab samples retrieved from the plant
were labelled with the tanks they were retrieved from; anoxic 1, MBR, anoxic 2,
post-septic, and aerobic. Samples were then frozen at -80°C until the DNA could
be extracted.

Figure 11. Photos were taken at Tahuna treatment plant showing the treatment tanks

Figure 12. Photos showing the acetate, alum, and soda ash which was added to the
treatment plant at different times throughout the year.
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Figure 13. Photos of the equipment used to take samples and measurements of pH,
ORP, and temperature in the Tahuna wastewater treatment plant.

Extraction
Prior to extraction samples were thawed, and a 1000 µL aliquot removed,
spun down, and the supernatant removed. Extractions were undertaken using
the CTAB extraction protocol (Ni et al., 2010). Involving a bead beating step
which was shown to be beneficial in DNA extractions involving wastewater
(Albertsen et al., 2015).
The sample was then placed in UV treated 2.0 mL screw-capped conical
bottomed polypropylene tube containing 0.5 g of both 0.1 mm and 2.5 mm silicazirconia beads. Samples were then suspended in 300 mL of phosphate buffer
saline (100 mM NaH2PO4), and 300 mL SDS lysis buffer was added. The samples
were then shaken using a bead beater for 10 seconds before being placed on a
Vortex-Genie 2 (MO BIO Laboratories Inc, Carlsbad, CA, USA) to shake
horizontally for 10 minutes. Samples were then centrifuged at 10,000rpm for 30
seconds to compact samples. 180 µL of cetyltrimethylammonium bromidepolyvinylpyrrolidone (CTAB) extraction buffer (100 mM Tris-HCl, 1.4 M NaCl, 20
mM EDTA, 2% CTAB, 1% polyvinylpyrrolidone and 0.4% β-mercaptoethanol) was
added to the supernatant.
Samples were then vortexed for 10 seconds and incubated at 60C and
300 rpm for 30 minutes on a rocking bed. Samples were then centrifuged at
10,000 rpm for 30 seconds and 350 µL of chloroform/isoamyl alcohol (24:1) was
26

added to the supernatant. Samples were then vortexed for 15 seconds, placed
on a rocking bed for 30 minutes, and then centrifuged at 10,000rpm for 5
minutes. The aqueous phase was then transferred to a new UV treated
microfuge tube. 10 M of Ammonium acetate was added to reach a final
concentration of 2.5 M, the samples were vortexed for 10 seconds, and then
centrifuged for 5 minutes at 12,500 rpm. The aqueous layer was then removed
to a new UV treated microfuge tube and 0.54 volumes of isopropanol were
added and mixed by inversion.
Samples were then left overnight at −20C before being centrifuged at
13,200 rpm for 20 min at 4C. The supernatant was then removed, the pellet
washed with 1 mL of 70% AR grade ethanol and centrifuged for 1 minute at
13,200 rpm. The ethanol was then removed, sample dried on a speed vacuum,
and the DNA re-suspended in 50 µL sterile LO-TE. The Samples were quantified
with Nanodrop 1000 using A260/230nm and A260/280nm. The samples were then refrozen at -80◦C until further use (Archer et al., 2015).

PCR and Sequencing
All extracted DNA underwent PCR with the EU A/B primers as a check for
competency as well as to determine if there was any inhibition of the samples.
Dilution of the samples before PCR was necessary as the DNA concentration was
extremely high. Any samples above 500 ng/µL were diluted to approximately 100
ng/µL, the samples were then re-quantified with the Nanodrop 1000 using
A260/230nm and A260/280nm.
The diluted samples were then further diluted to 10 ng/µL. The EUB B/A
PCR protocol used duplicate samples and positive and negative controls. In a PCR
cabinet, the required 0.2 µL PCR tubes, 1.5 mL centrifuge tubes, and MiliQ H 20
was UV treated for 15 minutes. The required 1.2 µL 50 mM MgCl2, 2 µL 2 mM
dNTPs, 2 µL 10x buffer, and 1.2 µL 0.4 mg/mL BSA per sample were defrosted,
vortexed, and spun down in a centrifuge. In the PCR cabinet these reagents,
including the MiliQ H20, were added to an Eppendorf tube labelled as a master
mix. The empty tubes and mastermix were then moved to a biosafety cabinet
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which had previously been sprayed with 70% ethanol and undergone UV. Once in
the biosafety cabinet, the primers and the Taq polymerase were added to the
mastermix, which was then vortexed. 19 µL of the mastermix was then aliquoted
out to each of the PCR reaction tubes. Water was added to be a negative control
and the vortexed and spun DNA samples were added to the remaining tubes,
except for the positive control which used an E. coli sample. The PCR tubes were
then spun using a microfuge and placed in a thermocycler. The program for the
thermocycler is as follows; 94C for 2 minutes, 94C for 45 seconds, 55C for 30
seconds, 72C for 2 minutes, the thermocycler then cycled back to 94C for 45
seconds 29 times and the run finished with 72C for 7 min. The Eu A/B amplicons
were then run on a 1% agarose gel at 70 V for 20 mins, using E. coli as a positive
control. If clear bands were seen the diluted samples were frozen for later use in
PCR of the 16S rRNA gene in preparation for ion torrent sequencing.
Ten samples (two months) were sequenced first as a test to be assured
the following fifty samples (10 months) would sequence correctly. The Ion
torrent sequencing protocol relied on the amplification of the 16S rRNA gene by
PCR, specifically an approximately 500 bp amplicon of the V4 region using
barcoded fusion primers 515f and 926R. The samples were run in triplicate and
then pooled at the end of the process. The program for the thermocycler is as
follows; 94C for 3 minutes, 94C for 45 seconds, 50C for 1 minute, 72C for 1.5
minutes, the thermocycler then cycled back to 94C for 45 seconds 30 times and
the run finished with 72C for 10 minutes. 5 µL of each of the pooled amplicons
were run on a 1% agarose gel with a 1 kb ladder for 30 minutes at 75 volts to
check the PCR was successful and that inhibition did not occur.
Once the amplicons were shown to be reliable they were pooled and
normalised using a 96 well sequel prep normalisation plate, according to
manufacturer’s instructions (Life Technologies, Auckland). Working in a biosafety
cabinet 25 µL of each sample of PCR amplicons were added to each well. 25 µL of
Normalisation DNA binding buffer was then added to the wells, the buffer and
amplicons mixed by repeated pipetting, with care taken not to touch the sides or
bottom of the wells. Once all samples were added to the plate a sterile PCR plate
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seal was placed to cover the plate. The plate is then left at room temperature for
an hour. The binding buffer was then removed to a sterile labelled tube and
placed in a freezer at -20°C as a precautionary measure, in case the amplicons do
not become bound. 50 µL of wash buffer was then added to each well, with
repeated pipetting to mix. The wash buffer was then pipetted off with care taken
to remove all residual wash buffer. Normalization Elution buffer was then added
to each well at a volume of 20 µL and the samples thoroughly mixed. The plate
then sat for five minutes at room temperature. The solution was then
transferred to a labelled sterile tube and stored at 4°C until sequenced.

Bioinformatics
The normalised amplicons were sequenced at the Waikato DNA
Sequencing Facility at the University of Waikato using an Ion Torrent PGM DNA
sequencer with an Ion 318v2 chip (Life Technologies). Raw sequences in the
FASTQ format were first filtered in mothur to remove short reads, long reads,
and reads with excessive homopolymers. The sequences were then run through
USEARCH (ver 9) for filtering.
Two separate databases were used to assign taxonomy to the raw fasta
file. First, the Ribosomal Database Project (RDP) classifier from Michigan State
University (Wang et al., 2007) was used to convert the generated sequence
FASTA file to assign taxonomy to the generated sequences (Wang et al., 2007).
The QIIME software was then used to combine and convert the newly generated
taxonomy and the OTU table to a BIOM file to be used in R studio. The second
database was the MIDAS taxonomy (Saunders et al., 2015), which also correlated
wastewater specific taxonomy to function.
The RDP database (Wang et al., 2007) was used to create a taxonomic
table which was then run in R studio (Team, 2016). The relative abundance of the
phylum with any taxa with less than 80% confidence classed as unknown. The
OTU table and taxonomy were then imported into R studio and into an object
using the phyloseq package (McMurdie & Holmes, 2013). The phyloseq object
was then used with ggplot2 (Kassambara, 2018) to create graphs with colours
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provided from RColorbrewer (Neuwirth, 2014) that showed the taxonomy at the
phylum and class level. The RDP database was also used to create a canonical
analysis of principal coordinates plot (CAP)(Anderson & Willis, 2003) using the
ggplot2 function (Kassambara, 2018). The MIDAS database (Saunders et al.,
2015) was used to create functional group heatmaps and a core community
Venn diagram using Ampvis2 (Andersen K.S. et al., 2018).
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Chapter 3:
Results and discussion
Results
Biochemical results
Biochemical parameters were measured over a 12-month period. The
dissolved oxygen (DO) of the WWTP was directly controlled by aerators in the
tanks and the level of aeration differed in the individual tanks over the study
period (Figure 14). It is of note that the aerobic tank had a similar level of DO to
the anoxic tanks, it was only during the months of June and July that the tanks
were noticeably more aerobic reaching between 2.7 and 4.5 mg/L of DO. The
MBR tank maintained an aerobic environment averaging 4.8 mg/L DO over the
study period.

Figure 14. Dissolved oxygen across treatment tanks between September 2017 and
October 2018.
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ORP is the oxidation-reduction potential measured (in millivolts) in the
tanks of a wastewater treatment plant. This measurement is important as a
representation of the microbial community’s ability to undertake a range of
biological processes, such as nitrification, denitrification, luxury phosphorous
uptake, and carbon removal. The ORP in the treatment plant tended to follow a
trend where the ORP increased from an average -211 mV in the septic tank to an
average of -101.5 mV upon entering the first anoxic tank (Figure 15). The ORP
continues to increase reaching its highest in the MBR tank where it reaches an
average of 82.9 mV. ORP has a strong correlation with dissolved oxygen,
therefore it follows a similar pattern to the treatment plant aeration.

Figure 15. ORP concentration between September 2017 and October 2018.

The pH in the WWTP remained relatively stable (Figure 16). pH was
lowest in the septic tank before entering the treatment tanks (6.75). Although
the pH of the treatment tanks was relatively stable there was slight variation in
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the aerobic and anoxic tanks. The pH generally increased from the septic tank to
the permeate by 0.84.

Figure 16. pH levels over the course of the year.

Phosphorous is measured during the process as it is necessary to be
removed during the treatment process. There are two types of phosphorous
measured in WWTP, Total phosphorous (TP) and dissolved reactive phosphorous
(DRP) (Figure 17), which is the biologically available phosphorous, both generally
follow a pattern of releasing phosphorous in the anoxic tanks and absorption of
phosphorous in the aerobic tanks. However, when the EBPR was deemed
inefficient at removing phosphorous, alum was added to the WWTP to lower the
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phosphorous in the final effluent.

Figure 17. DRP across treatment tank between September 2017 and October 2018.

The different types of nitrogen that were measured in this study were
ammonium, nitrite, and nitrate. The majority of nitrogen in the septic tank was
ammonium, with the highest concentration being 57.2 mg/L and the average
concentration being 26.38 mg/L. Ammonium shows a drop as the effluent enters
the aerobic tanks but has peaks in the second anoxic tank (Figure 18).
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Figure 18. Ammonium concentration across the treatment tanks between September
2017 and October 2018. The Post-septic tank was removed, due to being before
treatment and as such skewed the data.

The lower ammonium in the aerobic MBR tank was correlated with an
increase in nitrite in the same tank (Figure 19). The resulting final effluent was
significantly reduced in ammonium with an average concentration of 0.07 mg/L.
The nitrite is highest before entering the treatment plant, with an average of
0.17 mg/L. The nitrite lowers to 0.02 mg/mL as it enters the treatment tanks, due
to dilution from the RAS internally recycled wastewater and remains low in all of
the treatment tanks. There is a peak of in the MBR tank during August and
September where it reached 0.45 and 0.23 mg/L respectively.
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Figure 19. Nitrite concentration across the treatment tanks between September 2017
and October 2018.

The nitrate levels entering from the septic tank varied between months
with the minimum concentration being 0.26 mg/L in June and the highest being a
concentration of 3.55 mg/L during August. Unlike the nitrite and ammonium, the
concentration of nitrate in the RAS were similar to the influent nitrate
concentration. The nitrate was seen to increase in the MBR tank where it was
most aerobic (Figure 20), there was little decrease after the MBR tank, with
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nitrate levels being higher in the final effluent than the starting influent.

Figure 20. Nitrate concentration across the treatment tanks between September 2017
and October 2018.

Temperature changed across the tanks over the year (Figure 21) with the
lowest temperature been 14.7oC and the highest 24oC. The septic tank showed
less variation in temperature than the treatment tanks with a standard deviation
of 2.47 degrees and a low temperature of 14.7oC in June and a high of 21.2oC in
February. The lowest temperatures were between June and August, while the
highest temperatures were between December and March. However, the
difference in temperature across tanks each month was low.
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Figure 21. Temperature variation across the months during the study period.
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Sequencing results
Sequencing resulted in a minimum read count per sample of 10979, and a
maximum count of 64894 reads. A total of 33 phyla were observed from the 48
samples and annotated through the RDP database (Wang et al., 2007) (Figure
24), with approximately 30% of the OTUs classed as unknown. This data also
showed that over the course of the year there were two phyla which showed the
highest relative abundance in the WWTP. Analysis using a rarefied OTU matrix
rarefraction curve shows that that almost all the diversity in the WWTP plant was
observed (Appendix: Figure 41).
Graphs analysing Phylum level abundance were created using the RDP
database (Figure 22). In this study, Proteobacteria was shown to be the most
abundant phylum in all samples with an average abundance of 27% correlating
with 831 OTUs. Bacteroidetes was the other dominant phylum in this study with
an average abundance of 25% and correlating with 535 OTUs. In the treatment
tanks (The anoxic 1, aerobic, anoxic 2, and MBR tank), Proteobacteria and
Bacteroidetes were the two major phyla with a relative abundance of
approximately 25% for each phylum. While, the post-septic samples had three
major phyla; Proteobacteria, Bacteroidetes, and Firmicutes at a relative
abundance of 34%, 29%, and 28% respectively. Specifically, in the aerobic tank
(the second tank in the treatment), the two major phyla were of similar
abundance with Proteobacteria between 21 and 27%, with an average
abundance of 25%. While, the abundance of Bacteroidetes was between 18 and
29%, with an average of 24%. The samples, when grouped by similarity, showed
that all but the septic tanks had a strong correlation to both the sequencing run
and time of their PCR (Figure 28).
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Figure 22. Phylum level relative abundance of the Tahuna wastewater treatment plant. Taxonomy was classified using the RDP database and
graphed using phyloseq and ggplot2 in R studio.

At the class level sequencing revealed the microorganism with the most
relative abundance on average in the treatment tanks was Sphingobacteriia
(Figure 23), the only representative of the Bacteroidetes above 1% at the class
level. Sphingobacteriia had a relative abundance between 7 and 19% and had its
lowest relative abundance in December (7-8%) and its highest in September (1819%).
Proteobacteria diversity was correlated with five classes;
Betaproteobacteria, Alphaproteobacteria, Deltaproteobacteria,
Gammaproteobacteria, and Epsilonproteobacteria. Betaproteobacteria was the
most abundant class after Sphingobacteriia with a relative abundance between
7-13%. The lowest abundance being recorded during the months of September
and October where the abundance was 7-10%, while the highest abundance was
seen during March and May where it was 10-13%. Gammaproteobacteria had a
relative abundance of 5-9%, Alphaproteobacteria (4-8%), Deltaproteobacteria (12%), and Epsilonproteobacteria (0-1%).
In the treatment tanks there were four subgroups of Acidobacteria, group
3, 4, 7, and 17. In order from lowest abundance to highest the average
abundance was, Acidobacteria_Gp7 (0.17- 0.67%), Acidobacteria_Gp17 (0.150.51%), Acidobacteria_Gp3 (0.28- 0.82%), and Acidobacteria_Gp4 (0.53- 1.23%).
The remaining classes were as follows Bacilli (0.05% to 0.24%), Fusobacteriia
(0.01- 0.27%), Erysipelotrichia (0.06- 0.35%), Subdivision3 (0.09- 0.44%),
Negativicutes (0.03- 0.57%), Caldilineae (0.14- 0.67%), Flavobacteriia (0.070.87%), Anaerolineae (0.33- 1.31%), Nitrospira (0.43- 1.79%), Clostridia (0.572.38%), Verrucomicrobiae (0.32-2.61%), Bacteroidia (0.09-2.69%), Actinobacteria
(0.57 -2.97%), Planctomycetia (1.27 -5.07%), Cytophagia (3.06 -7.11%), and
Ignavibacteria (3.43-8.72%).
At the class level, the relative abundance changed across the months with
an average of 3.63%. The greatest relative change across the months was 14.07%
with the Epsilonproteobacteria changing from 0. 79% in July to 0.056% in
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September 2018. Meanwhile, the lowest relative change across the months was
1.41% with Betaproteobacteria, which changed from 8.4% in October 2017 to
11.8% in May 2018. The largest change across the months was from
Sphingobacteria rising from 7.2% in December 2017 to 18.6% in September, an
increase of 11.6%. The smallest change was from Bacilli a change from 0.081% in
January to 0.19% in September 2018, a change of 0.11%.
The change across the months was greater than the change across the
individual tanks each month. The individual tank average relative change was
1.77%. However, the largest relative change across the tanks was larger than the
change across the months was Epsilonproteobacteria in May with a low of
0.085% and a high of 1.938%, an increase of 22.71%. The smallest relative
change across the tanks was from Acidobacteria_Gp3 during December 2017 at
1.046%.

42

43
Figure 23. Class level relative abundance of the Tahuna wastewater treatment plant. Taxonomy was classified using the RDP database and
graphed using phyloseq and ggplot2 in R studio.

Taxonomy utilising the RDP database (Wang et al., 2007) was analysed using
heatmaps (Figure 24 and Figure 25) and boxplots (Figure 26) showed that there
was a strong difference between the post-septic tanks and the treatment tanks.
Although, all the tanks contained the same microorganisms the difference in
relative abundances was vastly different between the treatment and post-septic
tanks. In the post-septic samples, only 4 to 7.6% of the relative abundance of
microorganisms could not be identified, this was vastly different from the
treatment tanks where the unclassified microorganisms were 19.3 to 23.3%.
At the phylum level, all the tanks both shared a high abundance of Bacteroidetes
and Proteobacteria. Proteobacteria had an average relative abundance of 25 to
26% in the treatment tanks and 34% in the post-septic tanks. Bacteroidetes had
an average relative abundance of 23 to 24% in the treatment tanks and 29% in
the post-septic. The most abundant Proteobacteria in the treatment tanks were
an unclassified betaproteobacteria (3.3 – 6%), Rhizobiales from
Alphaproteobacteria (3.2 – 4.8%), and an unclassified Gammaproteobacteria (2.7
– 4%). These abundances differed from the septic tanks which were unclassified
betaproteobacteria (0.7 – 2.6%), Rhizobiales (0.3 – 0.7%), and unclassified
Gammaproteobacteria (0.2 – 0.4%). The most abundant Proteobacteria in the
post-septic samples were Burkholderiales from Betaproteobacteria (2.6 – 5%).
The most abundant class of Bacteroidetes in the post-septic samples was
Bacteroidea with an abundance of 14 to 21.9%, in the treatment tanks
Bacteroidea had less abundance at 6.9 to 10.9%. In the treatment tanks,
Sphingobacteria was the most abundant class in Bacteroidetes with an
abundance of 6.9 to 9.8% compared to 0.4 to 2.5% in the post-septic tanks.
There were two microorganisms which showed the highest relative abundance in
the post-septic tanks was Clostridia and Bacteroidea. The highest relative
abundance in the post-septic treatment tanks was the class Clostridia from the
phylum Firmicutes at 19 to 28.5%.
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Figure 24. Heatmap of the 20 most abundant microorganisms ordered by tank and month.
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Figure 25. Heatmap of the 20 most abundant class ordered by date and tank.
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Figure 26. Boxplot of the relative abundance classes in all tanks .

Using the MIDAS database, a heatmap with the treatment tanks but
without the post-septic samples was created with the 40 most abundant
organisms (Figure 27). It is of note that the MIDAS database occasionally used
slightly different nomenclature to the RDP database. Disregarding the
unclassified organisms, the highest relative abundance was Candidatus
CU923752. The next abundant organism was from the phylum Chlorobi and the
class Chlorobia, named under the MIDAS database as K2-30-37 was between 5.2
and 5.7%. The next abundant organism was from the phylum Bacteroidetes and
from the class Sphingobacteriia, referred to as QEDR3BF09 and had between 3.4
and 4% relative abundance. Candidatus ‘competibacter’ from Class
Gammaproteobacteria was the next abundant with 3.2 to 3.4%, its alternative
name being CPB_S60, this was also positively correlated with being a GAO.
Dechloromonas had an abundance between 2.6 and 2.9%, this genus belongs to
the class Betaproteobacteria and order Rhodocyclales and has been shown to
function as a PAO. The last of the most relative abundant organisms belong to
Terrinmonas at 2.3 to 2.6% abundance, and an organism from the family
Cytophagaceae which had an abundance between 2.2 and 2.5%.
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Figure 27. Heatmap using MIDAS database showing the 40 highest relative abundance without the post-septic tank The heatmap shows dark
orange for higher abundance and light blue for low abundance.

Graphs analysing differences across the samples were used to find any
useful correlation. Hierarchal clustering showed four clusters (Figure 28), the first
cluster is by post-septic tanks. The next cluster was grouped by the month of July
and August. The smallest cluster consisted of two samples, one from anoxic tank
1 during May and the second was an aerobic tank during January. The final
cluster was all the remaining samples.

Figure 28. Hierarchical clustering graphing showing four separate groups clustered
together.

Graphs were created that compared the differences in the tanks to the
parameters of interest. PCR date and the month the samples were collected
were compared to the differences in the tanks (Figure 29, Appendix: Figure 38,
Figure 39, & Figure 40). There is some similarity between PCR date and a strong
similarity across sequential months. However, the different tanks in either month
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or PCR date showed little difference to each other (Figure 30), with no strong
correlation with the sequencing run, but there was a correlation with date.
The graph does show that there is a strong correlation to PCR date and
month of sample collection. The second MDS/PcoA graph ( Figure 31) shows
correlation of differences in the samples to tank type. However, there is a
correlation to the date of the samples. The last two principal component analysis
graphs both show the differences between tanks when compared to the date
they were sampled. However, one graph has the addition of the post-septic
samples (Figure 31) while the other shows the differences only between
treatment tanks (Figure 32).
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Figure 29. MDS/PCoA graph correlating difference in treatment tanks alongside the date of PCR.
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Figure 30. MDS/PCoA on Weighted-UniFrac distance, rarefied without replacement without condition Post-septic.
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Figure 31. MDS/PCoA graph correlating difference in treatment tanks alongside sample date.
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Figure 32. Principal component analysis plot which displays months of samples as different colours and tank conditions as shapes.

The MIDAS database is dedicated to wastewater treatment systems and
has microbial functional information specific to wastewater treatment. This
database was used to form a taxonomic table which also contained functional
information. This data revealed 17 genera that correlated with functional groups
related to wastewater, either ammonia oxidation, nitrite oxidation, phosphorous
accumulation, and glycogen accumulation, as well as information about
filamentous bacteria (shown in Figure 33).
The genera were CPB_S60, Nitrospira, Leptolinea, Defluviicoccus,
Nitrosomonas, CCM19a, Anaerolinea, Turicibacter, Catenibacterium, Fodinicola,
Propionivibrio, Tetrasphaera, spb280, Thiothrix, Gordonia, Skermanina, and
Micropruina (Figure 33). These genera were not all linked to individual OTUs,
instead, the 17 genera were comprised of 54 OTUs.
CPB_S60 was the most abundant of the bacteria with a known function of
interest. CPB_S60 along with Defluviicoccus, CCM19a, Propionivibrio, spb280,
and Micropruina are all known GAOs. Nitrospira was the only NOB discovered in
the study. Nitrospira is also indicated as a possible AOB, this is due to some
studies showing strains of Nitrospira were also capable of COMMAMOX, thus
also functioning as an AOB.
Filamentous bacteria are linked to bulking and foaming in WWTP. In the
study there were multiple filamentous bacteria, Leptolinea showed the most
relative abundance. However, there was also Anaerolinea, Turicibacter,
Catenibacterium, Fodinicola, Thiothrix, Gordonia, and Skermanina which were
shown to be filamentous. Tetrasphaera and Dechloromonas were the only
genera related to PAOs discovered in the WWTP.
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Figure 33. Relative abundance of important functional groups in the Tahuna wastewater
treatment plant. POS = positive, VAR = variable, NEG = negative, NT = not assessed.
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The core microbiome of the wastewater treatment tanks was analysed
using R studio (amp_vis was used with the amp_core function) and the MIDAS
database. The analysis revealed that 76.3% of the OTUs comprised the core
microbiome of all the treatment tanks (Figure 34).

Figure 34. Venn diagram showing the percentage of OTUs in the core microbiome.

Using analysis of composition of microbiomes (ANCOM) (Mandal et al.,
2015), and examining only the tanks in the treatment process (excluding the
post-septic tank) only one OTU was identified as significantly different, OTU 1089
(not shown). OTU 1089 was assigned to the Chitinophagaceae family using the
RDP database (Wang et al., 2007). The Chitinophagaceae family are a group of
microorganisms which in wastewater treatment have been shown to be a low
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DO nitrifier. Using ANCOM with both anoxic tanks being classed as one variable
ANCOM presented two OTUs, OTU 1177 and OTU 3697 as significantly different
(Figure 35). OTU 1177 was classified as Parcubacterium group, while OTU 3697
was classified as Prevotella from the phylum Bacteroidales.

Figure 35. ANCOM analysis of the treatment tanks W/O post-septic tanks.

Microscopic analysis
Traditional microscopy analysis is commonly used to analyse the
condition of WWTP. The microscopic analysis of the Tahuna WWTP was done so
that it could be compared to the taxonomic information produced by
sequencing. Using phase contrast and bright field microscopy with Neisser
staining the Tahuna WWTP were analysed. The appearance of monocolonies was
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seen using phase contrast at 400X magnification (Figure 36). These
monocolonies, when examined in bright field with neisser staining (Figure 37),
showed the presence of PHA granules. A filamentous bacteria was also observed
in high abundance in the WWTP, although did not appear to be causing any
problem for the plant. According to traditional methods of identification, this
was identified as Eikelboom type 0092 (Eikelboom, 1975).

Figure 36. Photo of monocolonies at 400X magnification using phase contrast
microscopy, taken on the 10th of January 2018.
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Figure 37. Photo of monocolonies and filamentous bacteria taken at 400X magnification
using bright field and Neisser stain, taken in the 10th of January 2018.
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Discussion
The diversity of microorganisms at the phylum and class level were very
similar between treatment tanks (the anoxic, aerobic, and MBR tanks) and a
large proportion of the community (76.3%) comprised the core microbiome
(Figure 34). A lack of change in diversity between tanks has been shown
previously in other studies (Xia et al., 2010; Zhang et al., 2018). In WWTPs there
are several phyla which have often been shown to be highly abundant. These
phyla include Proteobacteria, Bacteroidetes, Chloroflexi and Acidobacteria (Chen
et al., 2016; Wang et al., 2012). Proteobacteria is the most abundant phylum in
the study WWTP, this has also been shown to be the dominant phylum in
previous studies (Xia et al., 2010; Xu et al., 2018; Zhang et al., 2018).
Bacteroidetes was also highly abundant, which has also been the case in other
studies (Chen et al., 2016). However, although they were present, the phyla
Chloroflexi and Acidobacteria differed from the literature showing low
abundance in the study WWTP (Chen et al., 2016; Wang et al., 2012).
A range of biochemical parameters was measured during the study
including; DO, pH, ORP, TP, DRP, NH4-N, NO2-N, NO3-N, and temperature. The
correlation between the DO (Figure 14) and the phosphorous (Figure 17) in the
sequential tanks, as well as the low concentration of TP in the final effluent,
implies the existence of functioning phosphorous accumulating organisms
(PAOs).
The decrease in ammonium concentration in the treatment tanks (Figure
18) demonstrates that ammonium oxidation is occurring in the WWTP. There
was a decreased amount of ammonium and an increase in the nitrite
concentration in the MBR tank. The decrease of ammonium and increase in
nitrite in the aerobic tanks implies that nitrification, as opposed to Anammox, is
the process which is breaking down ammonium (Park & Noguera, 2004; van
Niftrik & Jetten, 2012).
pH is known to influence microbial communities and can change during
the nitrification and denitrification process (Glass & Silverstein, 1998; Villaverde
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et al., 1997). Removal of ammonium could conceivably be due to conventional
nitrogen removal as if in a two-sludge process. The ammonium decreased during
the treatment process, except for a temporary increase in the second anoxic
tank, most likely caused by heterotrophic activity and release of complex
nitrogen species being converted into ammonium. The decrease of ammonium,
as well as the increase in both nitrite and nitrate in the aerobic MBR tank, would
indicate that this is where the Ammonia Oxidising Bacteria (AOB) begin the
nitrification process. The sequencing results revealed five OTUs identified as
Nitrosomonas from the Proteobacteria phylum. Nitrosomonas was found to be in
the 40 most relative abundant organisms and has been previously shown to be
one of the core bacteria involved in nitrification in WWTPs. Nitrospira was the
only other microorganism identified that has the possibility of functioning as an
AOB. If Nitrospira was the organism undertaking ammonia oxidation it would be
likely that it was functioning as a COMAMMOX organism (Daims et al., 2015).
However, the abundance of Denitrifying organisms means that it is unlikely that
COMAMMOX would be occurring. Nitrospira was the only organism found
through sequencing that was known to function as a Nitrifying Oxidising Bacteria
(NOB). The lack of any other NOB, as well as the abundance of Nitrospira, would
indicate that this genus was the main NOB in the system. Six OTUs were
correlated with Nitrospira with two OTUs, OTU91 and OTU4160, being the most
dominant with a relative abundance of 0.48% and 0.34% respectively. The
dominant OTU was analysed using the Blast function through the NCBI database,
showing a sequence correlation with ‘Nitrospira cf. moscoviensis’.
Denitrification should be observable in the WWTP by monitoring nitrite
concentrations in the treatment tanks. There is an increased concentration of
nitrite in the MBR tank due to nitrification. The process of denitrification is
known to increase pH (Cao et al., 2013). However, changes in pH in this study
were too small to indicate denitrification or nitrification (Figure 16). If
denitrification was occurring is most likely through Dechloromonas, which was
found in the WWTP as three separate OTUs at relatively high abundance. This
microorganism has been shown in the literature to be one of the main core
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denitrifying bacteria in WWTP (Fan et al., 2017; McIlroy et al., 2016).
Dechloromonas is known to reduce nitrate in anoxic conditions, where it utilises
acetate as an electron donor (Ginige et al., 2005).
DO has a major effect on the community structure of the WWTP as well
as the effectiveness of various microbial functions such as nitrification,
denitrification, and heterotrophic carbon removal (Liu & Wang, 2013; Park &
Noguera, 2004; Wang et al., 2012; Wilén & Balmér, 1999). Although the
treatment plant was designed as a four-stage Bardenpho system, the DO
concentrations of each tank means that the treatment plant was essentially
functioning as a two-stage treatment system. If this is the case, then the MBR
tank would be functioning as a single aerobic tank while the aerobic tank
functioned as an anoxic tank. The treatment plant could then be removing
phosphorous in a similar system to the phoredox process (Metcalf & Eddy, 2014).
There were periods during the year when phosphorous removal was
deemed not satisfactory, and the removal of phosphorous was accomplished by
the addition of alum. The time periods where it was necessary to use alum
should have then correlated with a lower abundance of PAO. However, the
abundance of PAOs did not differ much during the year. The sequencing found
two organisms which were known PAOs. The first OTU recognised as a PAO was
Tetrasphaera, however, the relative abundance of Tetrasphaera was low in all
samples. Tetrasphaera is an organism suggested to be able to accumulate
phosphate, although in a different way (Kristiansen et al., 2013). The second
organism correlated with two OTUs and was identified as Dechloromonas which
had a higher abundance than Tetrasphaera and has been shown in some studies
to be capable of both denitrification and phosphorous accumulation (Lv et al.,
2014; Y. Y. Zhang et al., 2017). Further investigation of the Dechloromonas
sequence using BLAST on the NCBI database allowed the putative placement as
Candidatus ‘Accumulibacter phosphatis’ with an indent and query cover of 100%.
Candidatus ‘Accumulibacter phosphatis’ is thought to be the main PAO in
wastewater communities (Hesselmann et al., 1999).
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There is evidence that Glycogen Accumulating Organisms (GAOs) impede
the efficiency of PAOs as they compete for similar resources (Mielczarek et al.,
2013; Oehmen et al., 2006). In the activated sludge plant in this study, six genera
were recognised as GAOs. The most abundant GAO was CPB_S60, also known as
‘Candidatus Competibacter’, a non-filamentous aerobic heterotroph with some
strains capable of using nitrate as an electron donor (Kong et al., 2006). Although
‘Candidatus Competibacter’ was seen in high abundance (~3.4%), it was also
comprised of only a single OTU. The next abundant GAO was Defluviicoccus with
a relative abundance of 0.3%. Defluviicoccus is from the Proteobacteria phylum,
family Rhodospirillaceae (Wong & Liu, 2007) and has previously been known as
Candidatus 'Monolibacter batavus' and 'Nostocoida limicola' (McIlroy et al.,
2010; Nittami et al., 2009). In wastewater, this organism is known to form
tetrads and filaments (Nittami et al., 2009; Wong & Liu, 2007). The filamentous
morphotype may cause bulking in WWTP (Nittami et al., 2009), while the tetrads
which stain positive for PHAs in anaerobic conditions are apparent in
deteriorating EBPR plants (Nittami et al., 2009). Defluviicoccus has been shown
to be able to use not only the carbon compounds that Competibacter uses but
also glucose (Burow et al., 2007). The remaining GAOs had a relative abundance
of less than 0.1% and were CCM19a, Propionivibrio, SPB280, Micropruina, in
order of highest to lowest abundance.
The filamentous bacteria are often a concern for WWTP, the microscopic
analysis of the Tahuna treatment plant revealed one filamentous bacteria that
was particularly abundant (Figure 37). Traditional microscopic methods of
identification through morphology of the filament would identify it as Eikelboom
type 0092 (Eikelboom, 1975). However, analysis of the sequencing results as well
as past studies into the taxonomy of Eikelboom type 0092 would reveal this
organism from the phylum Chloroflexi, class Anaerolinea and the genus
Leptolinea (Lachlan Speirs et al., 2009; Yamada & Sekiguchi, 2009).
At the phylum level, there is some similarity between the post-septic and
the treatment tanks, with both Proteobacteria and Bacteroidea being in high
abundance (Figure 22). However, at closer taxonomic ranks the similarity
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becomes less and there is a clear separation between the post-septic tanks and
the treatment tanks (Figure 23), showing that the treatment process significantly
alters the microbial community.
The PCoA graphs which correlate the samples with PCR bias and date
show that there may be some PCR bias in the samples (Figure 29). However, the
correlation with month shows each month is closely related to its following
month (Figure 32), showing that there is a temporal variation occurring over the
year.
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Chapter 4:
Conclusions and future perspectives
The Tahuna wastewater treatment plant was capable of nitrogen and
phosphorous removal due to the microbiological life. The nitrogen removal was
due to a group of microorganisms, the AOB, NOB, and denitrifiers. In regards to
nitrification, it is most likely that Nitrosomonas is the microorganism that is
functioning as an AOB. The only NOB discovered in the treatment plant was
Nitrospira. There was an abundance of Dechloromonas in the treatment, which
has the capability of acting as a denitrifier. The concentration of nitrate released
in the final effluent while higher than in the tanks is still substantially lower than
the incoming ammonium and remaining nitrite, this implies that denitrification is
occurring. The microscopic analysis of the WWTP showed monocolonies which
stained Neisser positive and thought to be indicative of PAOs such as ‘Candidatus
Accumulibacter phosphatis’. However, ‘Candidatus Competibacter’ was in high
relative abundance in the WWTP and are known to be GAOs. This organism is
known to appear as Neisser positive, although they are not PAOs and can
detrimentally affect phosphorous removal. Phosphorous removal was most likely
caused by Dechloromonas which had some abundance in the WWTP and
functions as a PAO, although with a different metabolism and morphology to
other PAOs.
Studies of this type could be further enhanced using transcriptomics.
Using transcriptomics and community analysis, the organisms could be identified
as well as whether they were functionally active. A high amount of OTUs in the
study were unclassified. If metagenomics was applied to the analysis of
wastewater treatment it would allow for some of the functional attributes of the
unknown OTUs to be identified.
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Appendix
Table 1. Raw Tahuna WWTP biochemical data.
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Sample_ID
Post_Septic_04
Post_Septic_77
Post_Septic_07
Post_Septic_81
Post_Septic_10
Post_Septic_12
Post_Septic_20
Post_Septic_88
Post_Septic_13
Anoxic_1_35
Anoxic_1_06
Anoxic_1_85
Anoxic_1_49
Anoxic_1_53
Anoxic_1_66
Anoxic_1_89
Anoxic_1_23
Anoxic_1_171031_53
Anoxic_1_171207_78
Aerobic_36
Aerobic_37
Aerobic_41
Aerobic_55

Date
28/09/2017
31/10/2017
18/01/2018
12/02/2018
22/03/2018
2/05/2018
28/07/2018
30/08/2018
9/10/2018
28/09/2017
18/01/2018
12/02/2018
22/03/2018
2/05/2018
28/07/2018
30/08/2018
9/10/2018
31/10/2017
7/12/2017
28/09/2017
18/01/2018
12/02/2018
22/03/2018

DO
0.99
0.61
0.17
0.28
0.06
0.73
0.5
0.26
0.7
0.035
0.1
0.04
0.16
0.725
2.12
0.325
0.755
0.075
0.165
1.965
0.145
0.095
0.065

pH
6.93
6.93
NA
6.57
6.77
6.62
6.88
6.9
6.87
7.61
NA
7.63
7.575
6.6
7.54
7.135
7.14
7.515
7.275
7.81
NA
7.83
NA

ORP
-244
-272
-264
-150
-224
-239
-208
-156
-247
-127
-119.5
-29.5
-115
-119
-98.5
-68
-116
-111.5
-225.5
-39
-96
-11
-108

TP
8.44
7.3
7.29
2.05
12.7
4.86
3.71
4.44
6.16
15.6
15.18
31.6
18.85
13
11.225
15.1
30.7
27.9
15.1
14.7
20.7
29.85
15.35

DRP
4.64
2.91
5.99
1.32
4.48
3.62
2.32
3.51
4.79
1.235
10.175
8.485
9.755
6.535
3.995
9.12
12.675
6.37
8.36
2.62
8.435
5.96
6.415

NH4_N
NO2_N
43.5 NA
24.2
0.119
50.4
0.06
9.47
0.2
5.3
0.05
31.7
0.02
2.56
0.03
29.3
0.13
40.5
0.05
3.21
0.015
3.27
0.015
0.375
0.01
2.905
0.02
3.66
0.015
1.64
0.115
3.175
0.01
3.24
0.01
2.685
0.0335
3.3
0.02
2.185
0.02
3.255
0.015
0.585
0.01
1.615
0.02

NO3_N
0.44
0.848
0.42
0.82
0.33
0.36
0.28
3.55
0.5
0.3
0.26
0.255
0.295
0.305
1.045
0.22
0.335
0.3355
0.35
1.145
0.265
1
0.345

Temp
16.2
17.5
20.6
21.2
20.4
19.5
15.1
14.9
16.9
17.9
23.4
22.95
22.85
20.6
15.9
16.35
16.7
18.3
23.05
18
23.8
22.9
23.05
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Aerobic_24
Aerobic_72
Aerobic_17
Aerobic_48
Aerobic_171031_90
Anoxic_2_03
Anoxic_2_44
Anoxic_2_08
Anoxic_2_50
Anoxic_2_56
Anoxic_2_90
Anoxic_2_71
Anoxic_2_05
Anoxic_2_171031_58
anoxic_2_171207_91
MBR_34
MBR_40
MBR_45
MBR_09
MBR_11
MBR_78
MBR_19
MBR_80
MBR_171207_21
MBR_171031_11

2/05/2018
28/07/2018
30/08/2018
9/10/2018
31/10/2017
28/09/2017
18/01/2018
12/02/2018
22/03/2018
2/05/2018
28/07/2018
30/08/2018
9/10/2018
31/10/2017
17/12/2017
28/07/2018
18/01/2018
12/02/2018
22/03/2018
2/05/2018
28/07/2018
30/08/2018
9/10/2018
7/12/2017
31/10/2017

0.875
7.04
3.37
7.61
0.295
7.14
0.685
7.215
0.265
8.425
0.11
7.27
0.025 NA
0.03
7.755
0.115
7.58
0.03
7.335
4.015
7.61
0.135
7.145
0.13
7.305
0.66
7.73
0.02
7.27
5.52
7.31
3.48 NA
5.84
7.84
2.7
7.84
3.25
7.58
6.56
7.62
1.43
7.51
3.55
7.77
6.37
8
1.54
7.44

-97.5
-78.5
-50.5
-122
12.5
-33.5
-161
-97.5
-149
-159.5
-76
-53
-147
-128.5
-154
25
82
101
71
94
57
54
94
102
136

13.95
9.405
22.2
30.8
27.4
13
21.15
33.1
18.55
15.35
10.07
22.6
32.9
22.1
15.25
14.7
9.4
36
11.4
16.4
7.65
14.4
32.8
29.2
17.5

6.53
3.7
10.845
9.245
4.265
0.185
11.6
7.27
8.84
7.73
3.885
10.4
7.085
5.5
8.76
0.19
7.72
6.69
2.78
0.07
4.71
2.76
0.47
4.58
3.56

2.8
1.95
3.15
2.2
1.06
2.12
3.255
1.58
3.25
2.905
1.89
2.985
2.11
0.7805
3.33
0.43
0.49
0.42
0.11
0.26
0.07
0.22
0.13
0.056
0.85
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Figure 38. CAP plot showing correlation with biochemical parameters.

88
Figure 39. CAP plot showing the similarity between tanks

89
Figure 40. CCA plot showing the differences between tanks, excluding the post-septic tanks

Figure 41. WWTP rarefied OTU matrix rarefraction curve, shows that that almost all the
diversity in the WWTP plant was observed.
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